1. The preservation of ecosystem processes under ongoing biotic erosion requires that some species within affected communities perform similar functions, a property that is usually defined as functional redundancy. Although functional redundancy has recently become a relevant part of ecological research, so far there is no agreement on its measurement. 2. The scope of this work is thus to propose a consistent framework based on functional dissimilarities among species for summarizing different facets of functional redundancy. The behaviour of the proposed measures is illustrated with one small artificial data set, together with actual examples on the species functional turnover along successional gradients. 3. We believe this new framework provides an important contribution for the clarification and quantification of key metrics of community redundancy and vulnerability. The method, for which we provide a simple R function called 'uniqueness', further allows summarizing the functional contribution of single species to the overall redundancy of any type of biological community.
Introduction
The world-wide biodiversity loss induced by humans (Pimm et al. 1995; Barnosky et al. 2011) can markedly alter ecosystem processes and services if biotic erosion is accompanied by the loss of particular functions that are uniquely associated with the species that go extinct (Isbell et al. 2011; Cardinale et al. 2012; Naeem, Duffy & Zavaleta 2012) . The maintenance of ecosystem processes under ongoing species loss requires that some species perform similar functions and are therefore interchangeable with little impact on ecosystem processes. This property is usually known as functional redundancy (Walker 1992; Naeem 1998) .
When several species perform similar functions, functional redundancy may enhance temporal stability, while providing insurance on the community against the loss of ecosystem functions, such as biomass productivity or nutrient fluxes, induced by biotic erosion (Yachi & Loreau 1999; Fonseca & Ganade 2001) . In fact, if functional redundancy is high, then it is more likely that the loss of a given species will have relatively little effect on ecosystem functioning (Petchey et al. 2007 ; but see, e.g. Purvis et al. 2000) . At the same time, high functional redundancy may also explain the observed weak relationships between species richness and ecosystem functioning (Wardle, Bonner & Nicholson 1997; Cardinale et al. 2006) .
Although in the last decades, functional redundancy has become an increasingly important aspect of ecological research, so far there is no consensus on how to measure this property. For example, Lalibert e et al. (2010) classified plant species into functional groups using a hierarchical clustering method based on the species functional traits. Next, they measured the functional redundancy of a given functional group as the number of species within that group. To calculate the functional redundancy of fish faunas on tropical reefs, Mouillot et al. (2014) identified distinct 'functional entities' based on unique combinations of six categorical functional traits. The functional redundancy of a given assemblage was then calculated as the ratio between the species richness and the number of functional entities within the assemblage. These approaches assume that functional groups or entities can be more or less objectively defined, something which is unfortunately not always the case. In another study, Micheli & Halpern (2005) further suggested that the extent of ecological redundancy within species assemblages depends on the relationship between taxonomic and functional diversity. Accordingly, they examined the redundancy of fish assemblages of different richness using regression models between the number of species and the corresponding functional diversity (see also Guillemot et al. 2011) . Similarly, Guerrero et al. (2014) used the same regression models to investigate changes in the functional redundancy of Mediterranean arable plant communities due to agricultural intensification. Using a different approach, Mouillot et al. (2013) estimated the functional distinctiveness (i.e. the complement of redundancy) of single fish species using their functional distances from the rest of the species assemblage based on multiple traits. Such a proliferation of approaches, without a coherent methodological background, limits comparisons across studies and, hence, a more general treatment of this important aspect of biodiversity.
The aim of this paper was thus to provide a coherent methodological framework based on functional (dis)similarities among species for the measurement of various aspects of functional redundancy. Unlike most tree-based functional indices, our approach takes into account species abundances. It further works with single and multiple traits and does not require context-dependent definitions of functional groups. The performance of the proposed indicators was evaluated analysing one small artificial data set, together with actual data on the functional turnover of plant communities along a primary succession on a glacier foreland in northern Italy and of bee communities along a post-fire successional gradient in temperate chestnut forests of southern Switzerland. Due to its generality, our proposal bridges the gap between different existing methods thus providing a common currency for summarizing functional redundancy.
Materials and methods

C O M M U N I T Y -L E V E L F U N C T I O N A L R E D U N D A N C Y
In this paper, we followed the current practice of assessing the ecological role of species indirectly via their functional traits (Mouillot et al. 2013) . Therefore, we assumed that species with similar traits are likely to support similar functions. Many different methods have been recently developed for measuring the distinctiveness of single species (e.g. Pavoine, Ollier & Dufour 2005; Schmera, Podani & Er€ os 2009; Mouillot et al. 2013) , and all of them are intuitively related to the species (functional) distance from the rest of the species assemblage. Given a focal species i, the uniqueness of the functions associated with that species can be estimated based on the commonness of species with similar traits. Imagine an assemblage composed of N species with relative abundances p i (i = 1, 2,. . .,N) with 0 < p i ≤ 1 and P i p i ¼ 1, where the constraint 0 < p i means that all calculations involve only those species that are actually present in the assemblage with nonzero abundances.
Regardless of any specific measure, usually the information available for portraying the species functional organization is a symmetric N 9 N dissimilarity matrix whose elements d ij summarize the pairwise functional dissimilarities between species i and j with d ij in the range 0-1, such that d ij = d ji and d ii = 0. The expected dissimilarity between an individual of species i and an individual chosen at random from the assemblage is defined as K i ¼ P j p j d ij . K i thus ranges from 0 (if all species are functionally identical to i, meaning that all interspecies dissimilarities d ij = 0), to 1 À p i (if all species j are maximally dissimilar from i, i.e. d ij = 1 for all j 6 ¼ i). The average dissimilarity of an individual from the whole assemblage is an established measure of (functional) diversity, usually known in the ecological literature as the Rao (1982) quadratic diversity:
For a review on the mathematical properties of Rao's quadratic diversity, see Pavoine (2012) and references therein. Here, it is only worth mentioning that for d ij = 1 for all i 6 ¼ j, Q reduces to the well-
Similarly, Leinster & Cobbold (2012) defined the expected similarity between an individual of species i and an individual chosen at random from the assemblage as Z i ¼ P j p j r ij where r ij is the similarity between species i and j, calculated as the complement of d ij (r ij = 1 À d ij ). According to this definition, the average similarity of an individual from the assemblage is the complement of Rao's quadratic diversity:
while the reciprocal of this average similarity 1/(1 À Q) is the so-called equivalent number of species of Rao's quadratic diversity (Chiu & Chao 2014) . That is, the theoretical species richness of an ideal community composed of equally likely and maximally dissimilar species (i.e. p i = 1/N and d ij = 1 for all i 6 ¼ j) with the same Rao diversity as the original community. For details, see Szeidl (2009) and de Bello et al. (2010) .
Aside from the usual distance-based interpretation, the quantity Z i can be also interpreted as the abundance of all species that are functionally similar to i (including i itself). For a focal species i, Z i therefore measures the commonness of all inter-and intraspecific individuals in the assemblage that support the functions associated with species i (Leinster & Cobbold 2012). Z i can be further additively decomposed into two distinct terms: the abundance of the focal species p i and the abundance of all other species j, X i ¼ P j p j r ij (with i 6 ¼ j), which represents the interspecific contribution to Z i such that Z i = X i + p i . X i thus ranges from 0 (if all species j are maximally dissimilar from i, such that r ij = 0 for all i 6 ¼ j) to 1 À p i (if all species j are functionally identical to i). Similarly, the quantity K i can be interpreted as the relative abundance of species that are functionally distinct from i, such that Z i + K i = 1. Here, it is worth noting that this approach actually identifies the potential for a given species assemblage to influence ecosystem functioning and does not directly measure ecosystem functioning in a realized community (Jain et al. 2014) .
Starting from K i , a straightforward measure of community-level functional uniqueness U may be simply obtained by normalizing the mean functional dissimilarity Q ¼ P i p i K i by its maximum value such that:
Likewise, the complement of uniqueness may represent a valuable measure of community-level functional redundancy R:
such that R + U = 1. Note that functional redundancy R may be also interpreted as a normed version of the mean functional similarity
Hence, according to eqn (3), community-level functional uniqueness U can be summarized as the ratio of two diversity measures: the Rao index Q, which takes the species dissimilarities into account for the calculation of functional diversity, and the Simpson index D, which considers all species as equally and maximally dissimilar. In other words, functional uniqueness U measures the diversity decrease that is obtained by including interspecies dissimilarities in the calculation of functional diversity.
To the best of our knowledge, the idea of calculating functional redundancy relating the Rao quadratic diversity to the Simpson index was first proposed by de Bello et al. (2007) , which used the difference between the Simpson index and Rao's quadratic diversity (R = D À Q). For a hierarchical Linnaean taxonomy, Warwick & Clarke (1995) suggested an index of taxonomic distinctness (D*), which can be defined as the average between-species taxonomic distance of all species in a given plot weighted by the species' relative abundances. A similar measure was then suggested by Somerfield et al. (2008) for summarizing functional distinctness. More recently, de Bello et al. (2016) showed that D* can be expressed as:
Dealing with species presence and absence data, as it is usually the case in coarse-scale conservation studies (see, e.g. Mouillot et al. 2013 Mouillot et al. , 2014 , we have p i = 1/N for all N species in the assemblage. Therefore, eqns (3) and (4) reduce to:
That is, for presence and absence data, functional uniqueness U reduces to the sum of the species abundances that are functionally distinct from i normalized by its maximum value N À 1. Moreover, as for presence and absence data,
we also have:
where FAD (the functional attribute diversity of Walker, Kinzig & Langridge 1999) is the sum of all pairwise functional distances between species, and mean(d) is the average functional distance between two species (i.e. the unweighted version of D*).
An important question in community ecology is how important (unique) is species i in supporting a given function. To measure this species-level facet of redundancy, we can calculate the mean functional dissimilarity of species i from the rest of the species assemblage as suggested by Mouillot et al. (2013) and Ricotta, Bacaro & Moretti (2014) :
where the ratio p j /(1 À p i ) is the relative abundance of species j with P j6 ¼i p j =ð1 À p i Þ ¼ 1 and d ii = 0. The complement of K i is the mean functional similarity of species i from the rest of the species assemblage:
If the focal species is, say, a nitrogen-fixing species, K i and X i tell us the relevance of that species with respect to the nitrogen-fixing ability within a given community. If
, then the species under scrutiny is the sole species that is able to perform this function, and losing this species equals to losing the entire function. If K i is low ( X i is high), then losing this species is a less relevant problem for the maintenance of this function.
Nonetheless, within a more general conservation context, this is not enough: for instance, the quantities K i and X i summarize the relevance of a focal species for the maintenance of a given function, but do not tell us anything about the species probability of becoming extinct. If we imagine that the extinction probability of a given species is directly related to its rarity q sensu Patil & Taillie (1982) , i.e. to a decreasing function of its relative abundance p i , we can define a species-level measure of vulnerability as
According to this general formula, which implicitly assumes that the function relating extinction probability to abundance is the same for all species, vulnerability is an increasing function of the species functional relevance and its extinction probability. Among the many available rarity functions (see Patil & Taillie 1982) , the most straightforward choice is q p i ð Þ ¼ 1 À p i . In this case, V i becomes:
As a result, the vulnerability of the ecological functions associated with focal species i can be simply measured as the expected dissimilarity between an individual of species i and an individual chosen at random from the assemblage. Likewise, using the abundance-based perspective, the vulnerability of i increases with the relative abundance of species that are functionally distinct from i. Therefore, vulnerability is high if a rare species is associated with the least common functions (i.e. if a low relative abundance, p i is associated with high dissimilarity values d ij ). In its very essence, vulnerability may be thus interpreted as an individualbased summary statistic combining information on the rarity and functional uniqueness of the species in the assemblage. Therefore, it depends on both the inter-and intraspecific contributions to a given ecosystem function.
From eqn (7), it also follows that the average community-level vulnerability V ¼ P i p i K i reduces to the Rao quadratic diversity Q (see eqn 1). This is not really surprising, as a highly diverse community is typically composed of many rare and functionally dissimilar species. The main difference between functional uniqueness U and the Rao diversity Q is that Q is an absolute index that measures community functioning in terms of average distances between pairs of individuals: the larger the dissimilarity between a random pair of individuals, the higher the diversity of the community and the vulnerability of the associated functions. By contrast, functional uniqueness U is a relative index that standardizes the observed functional diversity Q by the value expected for a maximally distinct community with the same abundance distribution of the real community.
Note that, while the extinction of a given species necessarily leads to a decrease of the Simpson index D (see Patil & Taillie 1982) , this is not the case for functional uniqueness U and the Rao diversity Q. Both indices can either increase or decrease reflecting how redundant/unique the species lost was compared to the species that survived. Take for example three equally abundant species i, j and k with trait states 0Á2, 0Á5 and 1, respectively, such that p i = p j = p k = 1/3 and D = 0Á667. Using the Euclidean distance for defining trait differences among species leads to d ij = 0Á3, d ik = 0Á8 and d jk = 0Á5. Hence, Q = 0Á356 and U = 0Á533. Removing species j, which is the most redundant species, the Simpson index decreases to D = 0Á5, while Rao diversity and functional uniqueness increase to Q = 0Á4 and U = 0Á8. On the other hand, removing species k (the least redundant species), the Simpson index also decreases to D = 0Á5, while Rao diversity and functional uniqueness decrease to Q = 0Á15 and U = 0Á3.
Historically, the relationship of vulnerability with an individualbased index stems from the following statement: let a j be the number of individuals in species j. Then, the average distance between an individual from species i and all other individuals from the community is:
where A ¼ P j a j ; is the total number of individuals. The average dissimilarity of a randomly selected individual from all other individuals in the community is:
Q tends to Rao's quadratic diversity when A tends to infinity. As shown by Nayak (1983) , for multinomial distributions of species abundances,Q further represents an unbiased estimator of Q. This measure of species diversity was first introduced (with the suggestion of scaling d ij between 0 and 1) by Hendrickson & Ehrlich (1971) as the 'mean difference over all pairs of individuals drawn without replacement', whereas for calculating the Rao quadratic diversity, the individuals are drawn with replacement. The generally high number of individuals in a given community supports the individual-based interpretation of K i and Q.
C A S E S T U D I E S
Artificial data
The behaviour of the proposed metrics was first evaluated on a small artificial data set described in Table 1 . We then used two real data sets to assess the metrics' ability to highlight relevant aspects of the relationship between community assembly and ecosystem functioning. The nine hypothetical communities C1-C9 in Table 1 are composed of nine species S1-S9 with varying abundances, divided into three groups of three species each (say, legumes, herbs and forbs). For simplicity, all within-group species dissimilarities d ij = 0, while all between-group dissimilarities d ij = 1 (with d ii = 0 by definition), meaning that two species within the same group are functionally identical to each other, while two species belonging to different groups are always maximally dissimilar. For each community, we calculated species richness N, the Rao index Q, the Simpson index D and the community-level functional uniqueness U = Q/D; we further calculated the species-level uniqueness K i and vulnerability V i of all species. All calculations were performed with the new R script available in Appendix S1 (Supporting information).
Vegetation primary succession on a glacier foreland
The performance of the proposed metrics was further evaluated analysing functional changes in plant communities along a primary Table 1 . Hypothetical communities C1-C9 composed of nine species S1-S9 with varying abundances divided into three groups of three species each displayed with different shades (S1-S3, S4-S6 and S7-S9). For simplicity, all species within the same group are functionally identical to each other (i.e. all within-group species dissimilarities d ij = 0), while two species belonging to different groups are always maximally dissimilar (i.e. all between-group dissimilarities d ij = 1). For each community, the species richness N, the Rao index Q, the Simpson index D and community-level functional uniqueness U = Q/D are shown, together with the species-level uniqueness K i and vulnerability V i of all species. ND = not defined 
Community-level coefficients Measuring functional redundancy 1389 succession on the foreland of the Rutor Glacier (Aosta Valley, northern Italy) studied by Caccianiga et al. (2006) . The study area lies above the local tree limit, between 2400 and 3000 m a.s.l. Climate is continental and the geology of the area is relatively homogeneous with bedrock and moraine deposits mainly consisting of metamorphic schist. The glacier terminus, which is composed of three lobes, had its maximum expansion during the Little Ice Age maximum (1820-1864). In the last century, the glacier had smaller fluctuations, the most relevant of which ended in 1933. See Caccianiga et al. (2006) for additional information on the study site. Fifty-nine vegetation plots of about 25 m 2 were sampled on the glacier foreland; all recorded species were herbaceous or subshrubs, as the study site lies entirely above the tree line. Based on the age of the moraine ridges, the plots were attributed to the following successional stages: early-successional stage (17 plots collected on terrains exposed after 1933), mid-successional stage (32 plots collected on terrains exposed between 1820 and 1933) and late-successional stage (10 plots collected on terrains exposed before 1820). For each plot, species abundances were measured with a five-point ordinal scale transformed to ranks. This transformation of abundance data is expected to suitably represent the dissimilarity structure between plots. For throughout discussion on the treatment of ordinal data with traditional dissimilarity measures for quantitative data, see Ricotta & Feoli (2013) . According to Grime's (1974) plant strategy theory, the species were then classified as competitors (C), stress tolerators (S) and ruderals (R) by means of fuzzy-coded values in the range 0-100, such that C+S+R = 100 (see Appendix S2). For additional details on the CSR classification, see Caccianiga et al. (2006) . Recent literature has provided empirical support for a strongly limited set of viable trait combinations that together capture the essence of plant form and function (see D ıaz et al. 2016) . In this framework, Grime (1974 Grime ( , 2001 ) identified three main directions of adaptive specialization affecting plant performance, which reflect primary tradeoffs between plant size and resource economics in a standardized way (see Pierce et al. 2013) . According to Grime's CSR theory, competitors use large size and morphological plasticity to increase resource assimilation and productivity in stable habitats. Stress tolerators are slow-growing plants that maximize investment in physiological processes aimed at preserving metabolic processes in resource-poor habitats with limited nutrients and water availability. Finally, ruderals invest primarily in rapid growth rates and in early and prolonged reproduction to avoid frequent disturbances (biomass removal caused for example by grazing or fire). Therefore, using various functional traits, plants can be classified within a triangular plot with Grime's CSR strategies as corners (Hodgson et al. 1999) . Vegetation succession thus provides an optimal example for testing whether changes in community functioning along the successional gradient are accompanied by changes in functional redundancy of Grimes' CSR strategies.
For each plot, we calculated the number of species N and the Simpson index D. To assess differences in CSR strategies along the successional gradient, we also calculated a functional dissimilarity matrix between all pairs of species using the Marczewski-Steinhaus (MS) coefficient of dissimilarity, which is the complement of the well-known Jaccard index of similarity extended to include quantitative data MS ¼ P s jY si À Y sj j= P s maxfY si ; Y sj g, where Y si and Y sj are the values of single CSR strategies (s) for species i and j, respectively (Orl oci 1978) . This index ranges from 0 if two species have identical strategies to 1 if they are completely distinct. Next, we used the functional dissimilarity matrix for calculating the community-level diversity Q and uniqueness U of each plot. For all index values (N, D, Q and U), pairwise comparison of differences between the successional stages was performed with one-way permutational ANOVA (Anderson 2001) and Bonferroni correction of the resulting P-values.
To visualize plot-level changes in community functioning along the successional gradient, we calculated the mean (abundance-weighted) values of single CSR strategies at each plot: CWM ¼ P i p i Â Y si , where CWM is the community-weighted mean value of single C,S and R strategies calculated from the fuzzy coded values of species i weighted by their abundances. CWMs are largely influenced by the dominant species. Therefore, these measures are generally associated with Grime's (1998) mass ratio hypothesis, which proposes that ecosystem processes are mainly determined by the functional characters of the dominant species (Garnier et al. 2004; Ricotta & Moretti 2011) . We next applied a two-dimensional non-metric dimensional scaling (NMDS, i.e. a dissimilarity-based ordination method) to the Marczewski-Steinhaus dissimilarities among plots calculated from the CWM values of Grime's CSR strategies (see Legendre & Legendre 1998 ).
Functional turnover of bee communities along a post-fire secondary succession
We further analysed changes in functional diversity of bee communities along a post-fire successional gradient in chestnut (Castanea sativa) coppice stands of southern Switzerland. The study area (15 km 2 ) is located in the Canton of Ticino near Locarno along a uniform south facing slope ranging from 450 to 850 m a.s.l. The area has a mild climate with wet summers and relatively dry winters; therefore, it is prone to fast-spreading winter surface fires of low/medium intensity that are crucial for maintaining a mosaic of vegetation patches with different successional stages. For additional details on the study area, refer to Moretti & Legg (2009) .
The sampling design was based on a space for time substitution approach. Twenty-one sampling sites were selected according to the time elapsed since the last fire, varying from 0 to 35 years. At each site, bees were weekly sampled from March to September 1997 with three window traps combined with yellow water-filled pans placed 1Á5 m above-ground. All adult bees were identified to species level and further described with a set of functional traits that are recognized as important for the fitness and survival of the species ). Here, we focused on the intertegula distance (ITD), defined as the distance between the tegulae, that is the insertion points of the forewings on the metathorax, a trait that is usually considered a good indicator of the species' dispersal ability (Greenleaf et al. 2007 ). Ability to disperse is a key evolutionary force driving species responses to environment changes (Berg et al. 2010) . Only species able to move long distances or to shift their distribution according to changes in local climatic and environmental conditions will be able to access suitable resources, positively affecting their own fitness and important ecosystem processes, such as pollination (Zurbuchen et al. 2010) .
Based on the species ITDs (measured in lm), we calculated the number of species N, the Simpson index D, the Rao diversity Q and the functional redundancy R at each site setting the pairwise interspecies dissimilarity of the Rao coefficient to the Euclidean distance rescaled in the range 0-1. Species relative abundances were based on the number of individuals per species (see Appendix S3). We next fitted a linear regression model for each N, D, Q and R value vs. the time since last fire (TSLF). Statistical significance for all regression estimates (two-tailed test) is based on 999 randomizations.
Results
A R T I F I C I A L D A T A
As shown in Table 1 , community C1 is composed of three functionally identical species with all interspecies dissimilarities d ij = 0, meaning that functional richness sensu Vill eger, , i.e. the amount of functional space filled by the community, is minimal. Therefore, since all interspecific individuals in C1 are able to perform the functions associated with a given focal species i, species-level uniqueness and vulnerability are both 0.
At the community level, the fact that all community individuals, while belonging to three different species, are functionally identical leads to a situation for which in C1 redundancy reaches its maximum value (i.e. U = 0 and hence R = 1). For the same reason, functional diversity is minimal (i.e. the expected dissimilarity between a pair of randomly selected individuals is always zero, such that the Rao quadratic diversity Q = 0). Given the direct relationship between communitylevel diversity and vulnerability, this also implies that C1 has a very low vulnerability, meaning that the functional space occupied by the community remains stable until all individuals in C1 are lost.
In C2, the functionally identical species S1-S3 found in C1 are substituted by one single species S1. This operation does not influence species-level vulnerability and the Rao diversity, which remain unchanged with respect to C1. However, in C2, species-level functional uniqueness and community-level functional uniqueness are not defined, as for the definition of K i and U, at least two species are needed. Communities C1 and C4 both contain three equally abundant species with relative abundances p i = 1/3. However, the species in C1 are functionally identical, while the species in C4 are maximally dissimilar from each other. Therefore, in C4, community-level functional uniqueness is equal to one, whereas in C1, uniqueness is 0. On the other hand, communities C3 and C4 are both composed of three maximally dissimilar species. However, in C4, all species have the same abundance, while in C3, the species are distributed more unevenly. Accordingly, in C3 and C4, specieslevel uniqueness and community-level uniqueness are always equal to one, whereas species-level vulnerability and the Rao index assume different values. This different behaviour highlights the conceptual difference between species-level uniqueness K i and vulnerability V i : the former is a species-based notion aimed at summarizing the functional dissimilarity of a focal species i from the rest of the species assemblage, whereas the latter is an individual-based notion aimed at evaluating the extinction risk of the functions associated with species i. Being evenly distributed, in C4, all species have the same vulnerability V i = 0Á67. Also, since species S4 has the same relative abundance in C3 and in C4, in both communities S4 also has the same vulnerability.
Communities C4-C8 represent a gradient of increasing species richness N, diversity D and functional redundancy (i.e. decreasing uniqueness U). However, along the gradient, the abundances within each species group remain the same, meaning that the proportion of individuals which are able to perform similar functions does not change with increasing species richness. Therefore, the Rao index Q does not change from C4 to C8. Finally, in C8 and C9, all species are evenly distributed, although with different absolute abundances. As a result, since all proposed indices are calculated from the species' relative abundances within each community, C8 and C9 are identical to each other in terms of functional redundancy and vulnerability.
V E G E T A T I O N P R I M A R Y S U C C E S S I O N
As shown in Fig. 1 , the size of the convex hulls of the three successional stages identified along the primary succession decreased from the early-successional stages to the late-successional stages, meaning that the within-group plot dispersion in ordination space (or beta diversity) decreased over time. The higher beta diversity of the early-successional plots may be due to the fact that the establishment of the first pioneer species, such as Arabis alpina, Cerastium uniflorum, Oxyria digyna and Ranunculus glacialis, in the early-successional stages is dominated by more random dispersal processes. By contrast, the lower beta diversity of the late-successional stages, which are dominated by species, such as Carex curvula, Festuca halleri and Veronica bellidioides, may be linked to a tendency of increasing uniformity of vegetation pattern over time (see Caccianiga et al. 2006) .
From a functional standpoint, the primary succession is shaped by a progressive substitution of ruderal species by stress tolerators (Caccianiga et al. 2006) , while the abundance of competitor strategist remained relatively stable. Ruderal strategists decreased from 43% at early-successional stages to 30% at mid-successional stages and to 21% at late-successional stages. At the same time, stress tolerators increased from 33% to 56% (see Fig. 1 ). This pattern is accompanied by a constant and significant decrease in community-level functional diversity and uniqueness (Table 2), meaning that the increased uniformity of vegetation structure over time goes together with an increase in functional redundancy. Note that, at the species-level, there is no clear tendency of association between high/low values of species abundances p i and dissimilarities d ij (data not shown). Therefore, when diversity comparisons are restricted to communities in which there is no preferential relationship between the rarity of a focal species and the commonness of the associated functions, on average there is no substantial difference between the behaviour of community-level uniqueness and vulnerability. By contrast, the number of species N and the Simpson diversity D show a peak at the mid-successional stage ( Table 2 ), demonstrating that, in this case study, functional uniqueness/redundancy is independent from species richness. Regarding the dependence of Q and U from species richness, if 0 ≤ d ij ≤ 1, Q varies between 0 and (N -1)/N, while U varies between 0 and 1. Accordingly, a relevant impact of species richness on Q is expected only for low values of species richness, while the range of U is independent of species richness. Figure 2 shows the results of the linear regressions of the number of species, Simpson index, functional redundancy and Rao diversity vs. the time since last fire. Overall, more than 39 000 individuals from 145 bee species were collected. Approximately half of the dominant and subdominant species shifted in relative abundance along the post-fire succession. Andrena minutula was the most abundant species in all successional stages. Lasioglossum morio was dominant immediately after fire and gradually decreased in abundance in more mature stands, while Apis mellifera, a subdominant species during the early post-fire stages, became dominant during the post-fire succession ( Early-successional stages supported the highest floral diversity; therefore, more bee species and a higher Simpson diversity were observed at recently burnt sites compared to more mature sites, although the regression of D vs. TSLF was not significant (P > 0Á05).
B E E C O M M U N I T I E S A L O N G T H E P O S T -F I R E S U C C E S S I O N
From a functional viewpoint, bees in recently burnt sites were characterized by solitary and short-tongued low-dispersal species (with shorter ITDs) that start flying later in the season. During post-fire successional stages, a rapid recovery of shadetolerant perennial forest species with short flowering duration was observed (see Ricotta & Moretti 2011) . This vegetational rearrangement induced by post-fire succession produced an increased diversity in the dispersal ability of the bee communities (i.e. an increased interspecies dissimilarity in their ITDs), which is represented by the (non-significant) positive relationship of the Rao diversity vs. TSLF. However, normalizing the values of the Rao diversity by the values of the Simpson index (i.e. looking simultaneously at changes in functional diversity and community composition along the successional gradient), a highly significant negative relationship between functional redundancy and TSLF is obtained, clearly showing the difference between a relative and an absolute index of functional redundancy.
Discussion
In this paper, we introduced a new methodological framework based on functional dissimilarities for summarizing different facets of community composition. The proposed method bridges the gap between existing definitions of functional Fig. 1 . Two-dimensional NMDS of the 59 vegetation plots sampled on the foreland of the Rutor Glacier showing the convex hulls of the three successional stages identified along the primary succession (stress = 0Á026). For the ordination, we used the MarczewskiSteinhaus dissimilarities among plots calculated from the community-weighted mean trait values of Grime's CSR strategies. The ternary diagram top right shows the mean CSR strategy at early-(17 plots), mid-(32 plots) and late-successional stages (10 plots). Table 2 . Mean (SD) for species richness N, the Rao index Q, the Simpson index D and community-level functional uniqueness U ¼ Q=D for the three successional stages identified along the primary succession on the foreland of the Rutor Glacier. Pairwise comparison of index differences between the successional stages was performed with one-way permutational ANOVA (999 permutations). For each index, numbers followed by the same letter do not differ significantly (P > 0Á05; Bonferroni-corrected values) Early-successional stage (17 plots) Mid-successional stage (32 plots) Late-successional stage (10 plots)
diversity, redundancy and vulnerability, thus providing a common currency for their quantification. It further allows to calculate the functional contribution of single species to the overall redundancy of the whole assemblage. Functional redundancy is defined as a normed version of mean functional similarity, while functional vulnerability is identical to the Rao quadratic diversity. The main difference between the two measures is that functional vulnerability is an absolute index that takes into account the abundances and functional dissimilarities of all community species, while functional redundancy is a standardized index that relates the observed functional diversity to the value of a maximally distinct community with the same abundance distribution. An interesting outcome of our proposal is the emerging direct relationship between functional diversity (measured with the Rao index) and vulnerability. For instance, while high functional diversity is generally considered a desirable community property for sustaining ecosystem functions and services, high values of Rao's quadratic diversity imply both high species rarity and high between-species functional differences. As a result, dealing with species relative abundances, a highly diverse community is also necessarily a highly vulnerable community.
From a more technical viewpoint, the indices of functional diversity used so far generally transform data into a functional dendrogram as suggested by Petchey & Gaston (2002) . This approach has two disadvantages: first, these measures usually focus on presence/absence data with few, limited solutions for dealing with species abundances (but see Nipperess, Faith & Barton 2010) . Secondly, data are usually distorted by this transformation and the solutions proposed so far to solve this problem are only able to limit distortion without removing it completely (Mouchet et al. 2008) . Redding, Mazel & Mooers (2014) showed that the tree-based indices of species distinctiveness are a combination of the average distance to all other species and of the pendant edge that connects a species to the rest of the tree. All current indices are thus partly related to the average distance to all other species, while the meaning of the pendant edge on a functional tree seems less obvious than for a phylogenetic tree where nodes represent common ancestors. Cadotte et al. (2010) developed a method for measuring phylogenetic distinctiveness incorporating information on the relative abundances of individuals within a community. The same method is applicable to functional distinctiveness as soon as a functional dendrogram is constructed. It consists in artificially adding branches of length zero at the tips of the tree to split evolutionary or functional information among individuals and measuring the distinctiveness of each individual instead of each species (for details see Cadotte et al. 2010) . Although abundance data are included in the measurement of distinctiveness, the index proposed by Cadotte et al. (2010) is still related to an incidence-based measure of diversity (the sum of branch lengths of the functional tree), while in our approach, all measures of redundancy, uniqueness and vulnerability are related to an abundance-based diversity index (Rao's quadratic diversity).
Furthermore, most measures of functional redundancy were initially built on the idea of grouping species into functional units (e.g. Micheli & Halpern 2005; Lalibert e et al. 2010; Guillemot et al. 2011; Mouillot et al. 2014) . However, the complexity of interactions between the clustering methods and the characteristics of the species assemblages (in terms of species richness, abundances and correlations among selected traits) inconsistently influences the ability of accurately representing the distribution of species in a functional space (Mouchet et al. 2008) , thus hampering an objective generalization of the results. This problem is solved by the approach proposed here, which does not require any a priori grouping.
For single species, we introduced two different measures, both of which can accommodate species abundances: a species-based measure of uniqueness K i , which calculates the mean distance of a given species from all other species in the assemblage, and an individual-based measure of vulnerability V i (=K i ), which we interpreted as the abundance of all intraand interspecific individuals that are able to support the functions associated with a given species. We also showed that the average community-level vulnerability is identical to the Rao quadratic diversity.
Compared with measures of compositional diversity, measures of functional diversity tend to correlate more strongly with ecosystem-level processes, such as productivity, regulation of biogeochemical fluxes or resilience to perturbations, since species influence these processes via their traits (Mason & de Bello 2013) . However, it is worth remembering once more that a wise quantification of (functional) diversity requires a number of methodological decisions on the traits to use, how to quantify them and how to combine them into multivariate dissimilarity measures between species (Lep s et al. 2006). All these decisions should be possibly tailored on the objective of the study and on the ecological question to be answered (Lavorel et al. 2008; Ricotta & Moretti 2010) . See Appendix S1 for a short discussion on the impact of methodological choices for the characterization of functional diversity.
In addition, although the original definition of Rao's quadratic entropy does not consider within-species differentiation (but see Pavoine & Izsak 2014) , it is widely recognized that species differences in trait values are related to niche differentiation, and hence to different mechanisms of resource use (Lep s et al. 2006; Violle & Jang 2009; Blonder et al. 2014) . In this framework, the more similar the intraspecific distributions of trait values of two species populations are, the higher the species are expected to overlap in functional space (i.e. the higher the species are expected to support similar functions). Accordingly, using adequate dissimilarity measures based on niche overlap (Mouillot et al. 2005; Lep s et al. 2006; Blonder et al. 2014) , it will be possible to include withinspecies differentiation in the calculation of functional diversity. In conclusion, we believe that the proposed method provides an important contribution for summarizing key metrics of community structure, such as redundancy and vulnerability. Overall, we hope our proposal will provide insights into the mechanisms that drive community composition in a changing world.
Data accessibility
A R script for the calculation of the redundancy and vulnerability measures is available in Appendix S1. Data on the vegetation primary succession are available in Appendix S2; data on the bee communities along the post-fire secondary succession are available in Appendix S3.
1 Appendix S1. R script for the calculation of the redundancy and vulnerability measures.
R function "uniqueness" for calculating the species-level coefficients i K and V i and the community-level coefficients N (species richness), Q (quadratic diversity), D (Simpson diversity), and U (uniqueness).
This program is free software: you can redistribute it and/or modify it under the terms of the GNU General Public License http://www.gnu.org/licenses/.
Disclaimer: users of this code are cautioned that, while due care has been taken and it is believed accurate, it has not been rigorously tested and its use and results are solely the responsibilities of the user.
Description: given a matrix of N plots × S species' abundance or incidence (0/1) values, the functions calculate the coefficients i K , V i , N, Q, D, and U as proposed in the main text.
Dependencies: none.
Usage: uniqueness(comm, dis, tol, abundance) Arguments comm A matrix or a data frame of N plots × S species containing the abundance or incidence (0/1) of all species in the in plots. Columns are species and plots are rows dis An object of class 'dist' containing the functional distances among species tol A tolerance threshold (a value less than tol is considered as null) abundance A logical. If TRUE abundance data are used when available; if FALSE incidence (0/1) data are used.
Output: the function uniqueness returns a list of three data frames. The first data frame named Kbar gives values for i K 's per species (rows) and community (columns). The second data frame named V gives values for V i 's per species (rows) and community (columns). The third data set gives values for coefficients N (species richness), Q (quadratic diversity), D (Simpson diversity), and U (uniqueness) per community; in this third data frame coefficients are columns and communities are rows, the coefficients are thus calculated per community only.
Function Syntax
uniqueness <-function(comm, dis, tol = 1e-8, abundance = TRUE){ if(!is.null(colnames(comm)) & !is.null(attributes(dis)$Labels)){ if(any(!colnames(comm)%in%attributes(dis)$Labels)) stop("One or several species in comm are not in dis; check species names in comm and in dis") else dis <-as.dist(as.matrix(dis)[colnames(comm), colnames(comm)]) } else if(ncol(comm)!=attributes(dis)$Size) stop("the number of species in comm must be equal to that in dis") 
Details
The choice of the traits used for calculating the functional distance among species is important as it ensures a connection of the selected traits with the underlying ecological and historical processes. This is because traits may have different phylogenetic constraints and may be affected differently by ecological processes, such as competition and environmental filtering. Disentangling such interacting processes may be possible only by careful selection of traits (e.g. Ackerly & Cornwell 2007) . Once the traits have been selected, then various methodological decisions have to be made. For example, in Rao's quadratic entropy, a metric has to be selected for measuring the functional dissimilarities among species. The choice of such a metric depends on the type of traits measured (e.g. quantitative, ordinal, or nominal; Pavoine et al. 2009 ). But even for a single type of traits, many metrics have been developed so far in the literature, such as the Euclidean distance, the Bray-Curtis coefficient or the Marczewski-Steinhaus coefficient for quantitative data. A large number of dissimilarity functions can be found for example in R-packages such as ade4 (Dray & Dufour 2007) and vegan (Oksanen et al. 2016) . The relative pros and cons of all these indices depend mainly on the users' needs and still require further studies (e.g. Legendre & De Cáceres 2013) . All indices of functional diversity depend on such methodological choices, although the choice of the traits is likely be more critical than that of the metrics.
Examples
# Load in R the first data set analyzed in the main text. Name Com the data frame with species' abundances (species as rows and plots as columns as in Appendix S2). Name T the data frame with species' traits (species as rows and C, S, R as columns as in Appendix S2). # This function is a modification of function dist.quant from library ade4 (Dray & Dufour 2007) where other dissimilarity coefficients can be found.
Dis <-dist.MS(T) Uni <-uniqueness(Com, Dis, abundance=TRUE) fac <-factor(rep(c("early", "mid", "late"), c(17, 32, 10)), levels=c("early", "mid", "late"))
Mean for species richness N, the Rao index Q, the Simpson index D, and community-level functional uniqueness U Q D = for the three successional stages identified along the primary succession on the foreland of the Rutor glacier. 
